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Abstract The loss of riparian forests can disrupt the structure and function of lotic ecosystems through
increased habitat homogenization and decreased resource diversity. We conducted a ﬁeld experiment and manipulated structural complexity and basal resource diversity to determine their effect on multiple aspects of community and food-web structure of degraded tropical streams. In-stream manipulations included the addition of
woody debris (WD) and the addition of wood and leaf packs (WLP). The addition of structural complexity to
degraded streams promoted detritus retention and had a positive effect on stream taxonomic richness, abundance and biomass. At the conclusion of the experiment, abundance and richness in the WD-treated reaches
increased by over 110% and 80%, respectively, while abundance and richness in the WLP-treated reaches
increased by over 280% and 170% respectively. Wood debris and leaves were consumed only by few taxa. Detritivorous taxa were the most abundant trophic guild at the beginning and at the end of the experiment. Food
webs in treated reaches were relatively more complex in terms of links and species at the conclusion of the
experiment, with highest maximum food chain length in the WD treatments and highest number of trophic species, links, link density, predators and prey at the WLP treatment. Despite differences observed in diet-based
food webs, there was little variation in isotopic niche space, likely due to the high degree of omnivory and
trophic redundancy, which was attributed to the importance of ﬁne detritus that supported a broad range of consumers. Even in these degraded streams, aquatic taxa responded to the addition of increased complexity suggesting that these efforts may be an effective ﬁrst step to restoring the structure and function of these food webs.
Key words: habitat heterogeneity, Neotropics, stable isotope analysis, stream biota, stream restoration.

INTRODUCTION
The removal of riparian forests for agricultural practices is one of the most common and destructive
impacts on stream ecosystem structure and function
(Sweeney et al. 2004). Deforestation can cause headwater streams to shift from heterotrophic to autotrophic systems due to increased solar radiation into
the water column, which boosts the abundance of
primary producers such as algae and macrophytes
(Ceneviva-Bastos & Casatti 2014). Forest loss also
results in higher sediment inputs that, along with
increased water temperature and evaporation, accelerate the siltation process (Barrela et al. 2000).
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Inputs of allochthonous resources such as tree
trunks, logs, branches and leaves are also absent in
deforested streams (Sweeney et al. 2004; Carvalho &
Uieda 2010; Ferreira et al. 2012; Sweeney & Newbold 2014). The concomitant action of these factors
ultimately leads to in-stream habitat homogenization
(Casatti et al. 2009), loss of functional diversity
(Moore & Palmer 2005) and thus alteration of foodweb structure, detritus dynamics, primary production
and, consequently, ecosystem function (Nakano &
Murakami 2001; Sweeney et al. 2004; Ceneviva-Bastos & Casatti 2014).
Structural complexity is an important determinant
of species diversity and richness, and it inﬂuences the
habitat selection of individual species (Huston 1994).
Positive relationships between species richness and
increased habitat complexity have been found in
doi:10.1111/aec.12518
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tropical and temperate regions, ranging from large to
small spatial scales (Angermeier & Karr 1984; Willis
et al. 2005; Arrington & Winemiller 2006; Schneider
& Winemiller 2008; Monta~
na et al. 2015). Higher
heterogeneity of physical structures provides more
diverse substrates, resource availability, foraging
opportunities and more diverse ways of exploiting
environmental resources (Willis et al. 2005; Monta~
na
et al. 2015). In aquatic ecosystems, the addition of
woody debris and leaf litter can enhance structural
complexity and provide microhabitats utilized by
macroinvertebrates and ﬁshes (Arrington & Winemiller 2006; Schneider & Winemiller 2008). Wood
debris also provide a hard surface for colonization by
algae, microorganisms and invertebrates, which are
food resources for other invertebrates and ﬁshes
(Angermeier & Karr 1984; Arrington & Winemiller
2006; Schneider & Winemiller 2008).
Restoring structural complexity to streams that
have experienced habitat homogenization may be an
effective strategy to restore stream biodiversity, especially macroinvertebrate richness (Miller et al. 2010
(but see Palmer et al. 2010). Many stream restoration
studies (predominately conducted in the United
States, Europe, and Australia) evaluate the response
of a small set of macroinvertebrate community attributes (usually richness and abundance or density) to
enhanced heterogeneity (e.g. Miller et al. 2010; Palmer et al. 2010 and citations therein). The assessment of macroinvertebrate responses to enhanced
heterogeneity can also be studied as a part of a longterm institutional or governmental restoration project
(e.g. Scealy et al. 2007). Fish are rarely used as target
species in restoration efforts of stream heterogeneity
(but see Schneider & Winemiller 2008) and studies
that include the responses of the entire stream community are even scarcer. Even though Neotropical
streams have been subjected to habitat and biota
homogenization caused by anthropogenic impacts
(Casatti et al. 2009; Dala-Corte et al. 2016), absence
of long-term restoration projects and biomonitoring
programmes have resulted in little progress in our
understanding of the response of biodiversity to
restoration of in-stream heterogeneity in these
degraded habitats.
The understanding of how tropical stream ecosystems are affected by land-use changes is of primary
importance for their conservation (Boyero et al.
2009), but the lack of information regarding ecosystem structure and dynamics before anthropogenic
impacts occurred is a major impediment (Power et al.
1996). For instance, the native forest cover of northwestern S~ao Paulo State, Brazil, is currently
restricted to less than 4% of its original area and the
region is regarded as the most degraded of the state
(Nalon et al. 2008). The deforested streams embedded in this landscape have been highly impacted due
© 2017 Ecological Society of Australia
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to heavy siltation and proliferation of grasses within
the stream channel, which has led to habitat homogenization (Casatti et al. 2015). These impacts reduced
the functional diversity of ﬁshes (Casatti et al. 2015),
while studies that investigate macroinvertebrate communities are very scarce (but see Marques et al.
2013; Ceneviva-Bastos & Casatti 2014).
Stream restoration projects should include a multitude of actions that target not only the recovery of
in-stream structural heterogeneity but also channel
morphology, bank stability and riparian forests (Palmer et al. 2010), which allow for self-sustaining
stream function. However, several practical and logistical issues limit such restoration actions (e.g. high
costs; see Rodrigues et al. 2011). More common
management practices, such as fencing off the riparian area, would limit access to cattle thereby allowing
the native riparian forest to re-establish. However,
the effectiveness of these practices remains unknown
as the re-establishment of riparian forest occurs
slowly and long-term studies on these restoration
efforts are absent. A more proactive approach to
restoring the structural and functional diversity of
degraded stream ecosystems would entail in-stream
manipulations of resources used by aquatic taxa (e.g.
microhabitats, food resources). Yet few studies have
experimentally tested the response of in-stream fauna
and trophic structure of degraded streams in agricultural landscapes after adding structural complexity
(Lester et al. 2007). Hence, ecological processes
affected by structural complexity additions, such as
changes in detritus dynamics, trophic ecology, foodweb complexity (in terms of links and species) and
energy ﬂows, remain unexplored.
We conducted a ﬁeld experiment to investigate the
response of in-stream biota and food webs of
degraded streams to experimental manipulations of
in-stream structural complexity and resource diversity
and abundance. We used a multifaceted approach to
examine: (i) whether the additions of wood and leaf
packs inﬂuence detritus dynamics (speciﬁcally, if they
promote detritus retention and if they are processed
locally by the community), and (ii) the responses of
community structure (i.e. richness, abundance, biomass) and food-web structure (i.e. trophic diversity
and other food-web attributes) due to increased habitat and resource heterogeneity.
METHODS
Study area
We conducted the experiment in three physically degraded
headwater streams (Stream 1: S20°590 25″S, W49°150 47″;
Stream 2: S20°280 15″, W49°240 45″; Stream 3: S20°260 21″,
W49°210 29″) of north-western S~ao Paulo State, southeast
Brazil, a region that has been historically deforested for
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agriculture and livestock grazing (Nalon et al. 2008; Gerhard & Verdade 2016). According to slope classiﬁcation,
the region is ﬂat or smoothly rolling (Silva et al. 2007), and
presents a high erosive potential for its unconsolidated sand
and silt sedimentary origin (IPT 2000). The climate is hot
tropical (Nimer 1989) with two marked seasons (rainy and
dry, IPT (Instituto de Pesquisas Tecnol
ogicas do Estado de
S~ao Paulo) 2000). The experiment was conducted from
July to October 2012, a period corresponding to the annual
dry season. During this period we expected minimum inﬂuences of seasonal variation, as water levels descend and
habitats become more homogeneous in terms of water
velocity and depth. The streams in our study were located
in a landscape that shared similar environmental conditions. The sites selected were characterized by the predominance of silted, narrow and shallow runs (stream
width ~ 3 m; depth ~ 0.3 m; water velocity ~ 0.2 m s1;
discharge ~ 0.04 m3 s1), without riparian forest and with
abundant grasses on their margins. The riparian areas were
completely deforested, grasses dominated stream channels
and land use was represented by pasture and sugar cane.

Experimental design, sample collections and
preparation
Three treatments were established within three 5-m
reaches of each stream: one reach remained unaltered
(CTRL – control reach), another received a wood structure (WD – reach) assembled with logs and branches of
native trees, and the last reach received a wood structure
plus leaf packs (WLP – wood debris and leaf pack reach).
The wood structures were assembled with a bundle of logs
and branches with 1–10 cm diameter and approximately
1 m in length. The leaf packs were assembled using a bag
(dimensions: 80 9 30 9 40 cm, mesh: 0.7 cm) with a
mixture of leaves (C3 plants) from native riparian forest
vegetation. The wood bundle and the leaf packs were
dried at 45°C for 36 h and weighed before installation
into the streams. Treated reaches within each stream were
at least 20 m from each other and treatments were
ordered as CTRL, WD and WLP from upstream to
downstream to avoid the possibility of the control treatment being colonized by drifting invertebrates from the
other treatments.
Sampling was conducted in each reach before the experiment was set up (July 2012, the start of the dry season) and
re-sampled 3 months afterwards (October 2012, the end of
the dry season). We used stable isotope analysis to characterize diet, and because isotope ratios are sensitive to turnover
following diet switches (Vander Zanden et al. 2015), our
experiments were set for a period of 3 months to allow for
enough time for tissue turnover by the macroinvertebrate
community in case experimental resources were assimilated
(a 75% invertebrate tissue turnover takes about 5–10 days
cf. Ostrom et al. 1997). We also wanted to prevent confounding seasonal effects and ended our experiment after
3 months to avoid overlap with novel resources that may
occur at the start of the rainy season. Fish muscle tissue
turnover rates reported in the literature can be highly variable (Garcia et al. 2007), although incorporation of carbon
from new resources has been reported to take less than
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3 months in rapidly growing organisms (Hesslein et al.
1993; Zuanon et al. 2006; Vander Zanden et al. 2015).
Prior to in-stream biota samplings, the 5-m reaches were
blocked upstream and downstream with 3-mm mesh block
nets and overall disturbance within the reach was avoided.
A combination of different sampling methods (each with its
respective standardized effort) was used to represent the
entire biota within each 5-m stream reach studied. Algae
and macrophytes were collected by hand from stream substrate along the entire reach. Benthic invertebrates were
sampled with a Surber net by washing, for 1 min, the substrate delimited by the sampler (positioned in the middle of
the reach) and also along the 5-m reach with a D net (both
with 250 lm mesh size), passed for 5 min. Finally, ﬁsh
were sampled with a 0.3-cm mesh seine (1.0 9 2.0 m),
passed along the entire reach, and with a 0.1-cm mesh
sieves (0.8 m diameter), passed along the margins, until no
ﬁsh were caught after ﬁve consecutive passes of each equipment. When the experiment concluded after 3 months, the
sampling protocol was repeated as described above and the
structures were removed from the stream and immediately
placed on large trays to collect associated taxa. Specimens
associated with the wood structure were sampled by scraping off the surface of the logs and branches with a soft
brush and leaves from the leaf packs were washed in the
laboratory over a 250-lm mesh sieve, where specimens
were retained. Both wood and leaves were dried at 45°C
for 36 h and re-weighed.
During each sampling event, we visually estimated the
abundance of benthic macrophytes and macroalgae (% of
reach occupancy) along the reach, and a sample of each
primary producer morphotype was collected for further
identiﬁcation and for isotopic analysis of carbon (d13C) and
nitrogen (d15N). Substrate samples were taken in the middle of each reach with a PVC (polyvinyl chloride) core sampler. The percentage of organic matter in the substrate
(mostly composed of ﬁne particulate organic matter,
FPOM) was also estimated. Substrate samples were dried
at 60°C for 36 h, weighed, combusted at 500°C for 6 h
and weighed again to obtain substrate FPOM through the
dried ash-free mass (g).
All samples were ﬁxed in ethanol (70%), except for ﬁsh
because the ﬁxation process was reported to change their
tissue d13C and d15N signals (Sweeting et al. 2004), which
is less likely to occur with macroinvertebrates (Jardine et al.
2005; Syv€aranta et al. 2008). For ﬁsh, a small muscle sample from below the dorsal ﬁn (and above the lateral line)
was collected and frozen until isotopic processing (sensu
Lopes et al. 2007). All taxa were identiﬁed to the lowest
taxonomic level possible (species level in ﬁsh, and usually
generic level in most macroinvertebrates and producers),
and then weighed (wet weight) on a digital scale (Quimis
SA 210).

Food web and isotopic analysis
We performed gut content analysis on 10 specimens of
each consumer taxa identiﬁed (or all individuals when
taxon abundance was lower than 10). Guts were removed
through ventral incision, dissected and mounted on a slide
(Ceneviva-Bastos & Casatti 2014). Food items were
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identiﬁed to the lowest taxonomic resolution possible and
each feeding interaction was assigned to a trophic link in
the food webs (namely, the ‘diet-based’ food webs). As
both diet and stable isotope data accounted for the different
food-web approaches used in this study, we standardized
terminology. We used ‘food-web parameters’ to describe
diet-based food-web statistics, while we used ‘communitywide metrics’ to describe isotope-based food webs. We also
used ‘basal species’ (i.e. species that have predators but not
prey, sensu Cohen et al. 1990) for diet-based food webs and
‘basal sources’ (which represent the potential sources of
energy for consumers) when referring to isotope-based food
webs (Winemiller 2007).
Macroinvertebrates that had their guts removed were
prepared and submitted for stable isotope analysis (so that
gut contents would not inﬂuence the isotopic signal of the
assimilated food sources; Jardine et al. 2005), along with
ﬁsh muscle tissue and basal sources. All samples were dried
at 60°C for 24–36 h, ground, weighed and packaged into
an Ultra-Pure tin capsule and sent to the Isotope Ecology
Laboratory at CENA-USP, Piracicaba, Brazil, for measurement of stable isotope ratios of carbon and nitrogen. A total
of 365 samples were used for stable isotopes analysis (17
organic substrate (FPOM) samples, 43 basal resources (e.g.
algae, macrophytes, wood and leaf packs), 124 ﬁshes and
181 macroinvertebrates). With exception of the wood and
leaf packs, the isotopic ratios of the main basal sources
among reaches were averaged per each stream.
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C = 2L/S(S  1). A Mann–Whitney test was applied to test
for differences for each food-web parameter by comparing
the parameters at the beginning and at the conclusion of
the experiment for each treatment.
We used community-wide metrics (Layman et al. 2007)
to compare food-web structure before and after treatments
with the isotopic data. The metrics considered were d15N
range (NR), a measure that represents the vertical structure
within the food web, d13C range (CR), a measure of the
diversity of basal sources used by the community (indicating niche diversiﬁcation), total area (TA), a measure of the
total amount of isotopic niche space occupied (i.e. the magnitude of food-web isotopic diversity), mean distance to
centroid (CD), representing the average degree of food-web
isotopic diversity, mean and standard deviation of nearestneighbour distance (mean NND and SD NND), representing the degree of isotopic redundancy and the uniformity of
isotopic niches distribution respectively (Layman et al.
2007). These metrics were calculated for the consumer
food web (i.e. considering ﬁsh and macroinvertebrates
together). Estimation of the community-wide metrics was
calculated using the SIAR (Stable Isotope Analysis in R,
Parnell et al. 2010) package in the R software version 3.0.2
(R Core Team 2013). Alternatively, we calculated the standard ellipse areas (SEA and SEAc, the last corrected by
sample size), which are less sensitive to sample size than
the TA metric, using the SIBER package in R (Jackson
et al. 2011). A Mann–Whitney test was then conducted on
the metrics to test for differences at the beginning and the
end of the experiment for all treatments.

Statistical analysis
To evaluate whether the experimental structures promoted
detritus retention, we compared the amount of substrate
FPOM at each treatment before and after the experiment
using a Mann–Whitney test, as the data were non-normal.
To determine whether the experimental inputs (wood debris and leaves) decayed across time, we used a Mann–Whitney test to compare the weight of the experimental inputs
before and after the experiment. We compared richness,
abundance and biomass of invertebrates and ﬁsh in each
treatment at before the start of the experiment and at the
conclusion of the experiments using a Paired Wilcoxon test,
as the data were non-normal. We used a SIMPER analysis
to evaluate which taxa contributed the most to the differences among treatments, and calculated the percentage
accumulation of trophic group abundance within each
treatment.
Food webs obtained from gut content data were constructed based on binary predation matrices of predator–
prey interactions (Cohen et al. 1990). Based on these
matrices, a series of food-web parameters (from Pimm et al.
1991) were calculated: number of trophic species (S), number of links (L), link density (L/S), number of basal species
(given by producers, detritus, fungus and terrestrial items),
number of intermediate species (those that have both
predators and prey), number of top species (those that have
only prey and were not preyed upon), number of prey and
predators, predator/prey ratio, maximum food chain length
(given by the number of links of the longest path from
food-web base to a top predator), minimum food chain
length (shortest path) and connectance (C), given by

© 2017 Ecological Society of Australia

RESULTS
The experimental structures were colonized by algae,
periphyton, aquatic invertebrates, crabs and armoured
catﬁshes, and also promoted detritus retention
(Appendix S1). At the conclusion of the experiment,
the amount of FPOM was signiﬁcantly higher at the
WLP treatments (WLPbefore = 0.10  0.03; WLPafter
= 0.20  0.07; P = 0.045). Wood debris and leaf
packs exhibited evidence of decay as both inputs
weighed signiﬁcantly less at the conclusion of the
experiment
(P = 0.045
for
all
treatments)
(mean  SD of wood debris weight (g): WDbefore =
4481  115; WDafter = 2380  208; WLPbefore = 4947
 100; WLPafter = 3134  764; leaf pack weight (g):
WLPbefore = 475  44; WLPafter = 82  49).
Thirteen producers and 154 consumer taxa represented by 73 064 individuals were collected across
all streams and sampling periods (specimens
used for gut content analysis = 6409 individuals)
(Appendix S2). At the conclusion of the experiment,
taxonomic richness was higher than at the beginning
across all treatments, but only marginally higher in
the CTRL treatment (P = 0.05). Taxonomic richness
increased with the addition of structural complexity
and resource diversity and was signiﬁcantly higher for
both the WD (P = 0.045) and WLP (P = 0.045)
treatments at the conclusion of the experiment. Both
doi:10.1111/aec.12518
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abundance and biomass were higher for all treatments, including the CTRL, at the conclusion of the
experiment (Table 1). The CTRL treatment exhibited the smallest increase in abundance (about an
80% increase) and biomass (about a 10% increase)
at the conclusion of the experiment, compared to the
WD treatment in abundance (over 110% increase)
and biomass (about an 80% increase), and the WLP
treatment in abundance (over a 280% increase) and
biomass (a 170% increase) (Appendix S2).
In the treated reaches we observed a shift in the
trophic guild of consumers with an increase in the
proportion of omnivorous, herbivorous and detritivorous/herbivorous taxa (Fig. 1). The SIMPER analysis

Table 1. Results of the paired Wilcoxon test comparing
taxa richness (number of taxa), abundance (number of
individuals) and biomass (g) at each treatment before and
after the experiment
Before
Median
Richness
CTRL
WD
WLP
Abundance
CTRL
WD
WLP
Biomass
CTRL
WD
WLP

After
Median

W

Z

P-values

533
867
925

1.89
2.54
3.57

0.05
0.01
0.003

1
1
1

1
1
1

1
1
2

3
5
6.5

5098
5858
7380

5.38
6.55
7.23

0.001
0.001
0.001

0.0006
0.0005
0.0011

0.004
0.011
0.025

4397
4995
6307

4.23
5.79
6.52

0.003
0.002
0.006

CTRL, control reach; WD, wood debris reach; WLP,
wood debris + leaf pack reach.

revealed that in the CTRL reaches, the consumers
that contributed the most to the differences at the end
of the experiment were micro-caddisﬂies, baetid mayﬂies, blackﬂies and two non-biting midges (Table 2).
The baetid mayﬂies and blackﬂies decreased in abundance at the conclusion of the experiment (by 63%
and 53%, respectively), while the micro-caddisﬂies
and two non-biting midges exhibited the opposite pattern (Table 2). In the WD reaches, the consumers
that contributed the most to differences at the end of
the experiment were the micro-caddisﬂies, baetid
mayﬂies, two non-biting midges and ram-horn snails
(Table 2). The top ﬁve consumers (with the exception of Americabaetis mayﬂies, which decreased in
abundance) increased in their abundance by at least
1.5-fold (Tanypodinae, midges) and as high as 125fold (Oxyethira micro-caddisﬂies; Table 2). Finally, in
the WLP reaches, caddisﬂies, micro-caddisﬂies,
midges, mayﬂies and ostracods contributed the most
to the differences through their increased abundance
at the end of the experiment (Table 2).
The top ﬁve taxa contributing the most to differences at the conclusion of the experiment in the
CTRL and WD treatments were similar in their
trophic diversity and contained four detritivores and
an invertivore (the predatory non-biting midge,
Tanypodinae (Table 2)). In the WLP, an over 100fold increase in the abundance of the omnivorous
caddisﬂy (Smicridea) contributed the most to the differences at the conclusion of the experiment
(Table 2). The top ﬁve taxa that differed at the end
of the experiment in the WLP all exhibited an
increase in total abundance (Table 2).
Most food-web parameters were higher at the conclusion of the experiment (Table 3). The number of
links and link density was signiﬁcantly higher

Fig. 1. Percentage of trophic groups within each treatment. a, after the experiment; b, before the experiment; CTRL,
control; WD, wood debris; WLP, wood debris + leaf packs.

doi:10.1111/aec.12518
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(P = 0.045) at the WD and WLP treatments at the
conclusion of the experiment. The maximum food
chain length and the number of trophic levels
increased (P = 0.045) in the WD treatment, although
this pattern was not observed for the WLP treatment.
The number of basal resources and top species (i.e.
trophic species that were not preyed upon), number
of predators and prey and overall number of trophic
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species were signiﬁcantly higher only in the WLP
treatment (Table 3).
Substrate FPOM d13C did not exhibit much variation across treatments and the FPOM d15N value
was slightly lower at the end of the experiment
(Appendix S3). Algae and macrophyte isotope ratios
varied across treatments both before and after the
experiment (Appendix S3). Experimental wood

Table 2. Results of the SIMPER analysis with the ﬁve taxa that contributed the most for the differences between periods at
the control, wood debris and wood debris + leaf pack treatments
Abundance
Treatments and taxa

Trophic group

Control
Oxyethira
Americabaetis
Simulium
Tanypodinae
Chironominae
Wood debris
Oxyethira
Chironominae
Americabaetis
Biomphalaria
Tanypodinae
Wood debris + leaf pack
Smicridea
Oxyethira
Chironominae
Traverhyphes
Ostracoda

Before

After

Percent of contribution

Detritivorous
Detritivorous
Detritivorous
Invertivorous
Detritivorous

21
458
237
244
140

751
165
4
428
324

25.02
10.05
7.986
6.329
6.318

Detritivorous
Detritivorous
Detritivorous
Detritivorous
Invertivorous

7
160
602
9
253

881
595
290
255
414

25.38
12.64
9.053
7.136
4.667

Omnivorous
Detritivorous
Detritivorous
Detritivorous
Detritivorous

21
53
486
24
11

2273
1162
1306
524
422

29.37
14.5
10.73
6.538
5.366

Table 3. Food-web parameters (mean  SD) obtained for food webs of the three treatments (CTRL, control; WD, wood
debris; WLP, wood debris + leaf packs) before and after the experiment
CTRL
Food-web parameter
Number of trophic species
Number of links
Link density
Number of basal species
Number of intermediate
species
Number of top species
Number of prey
Number of predators
Prey/predator ratio
Maximum food chain
length
Minimum food chain
length
Connectance
Number of trophic levels

Before

WD
After

Before

WLP
After

Before

After

82
181
2.11
10
40







27
85
0.43
2
22

98
240
2.44
11
51







10
36
0.13
2
2

86
191
2.19
10
41







12
46
0.26
3
5

109
294
2.67
13
50







16
65
0.24
2
13

84
194
2.27
10
40







15
62
0.39
1
8

114
323
2.83
15
53







4
42
0.27
2
8

32
50
72
0.67
3.0







6
23
26
0.10
0.0

36
62
87
0.72
3.7







9
2
10
0.09
0.6

35
51
76
0.68
3.0







9
3
14
0.09
0.0

47
63
96
0.65
4.7







11
14
15
0.10
0.6

34
50
74
0.68
3.3







7
8
14
0.02
0.6

45
68
99
0.69
5.3







3
7
5
0.04
1.5

1.0  0.0

1.0  0.0

1.0  0.0

1.0  0.0

1.0  0.0

1.0  0.0

0.050  0.005
3.0  0.0

0.051  0.03
3.7  0.6

0.052  0.003
3.0  0.0

0.049  0.005
4.7  0.6

0.052  0.001
3.3  0.6

0.052  0.002
5.3  1.5

A bolded value indicates there was a signiﬁcant difference (P < 0.05) between food-web parameters before the experiment
and after the experiment.
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debris and leaves from the leaf packs had similar carbon and nitrogen isotopic ratios (Appendix S3).
Grass from adjacent pasture had enriched carbon
ratios (d13C = 12.23). There was high overlap in
the dispersion of consumers in the isotopic niche
space across streams (Appendix S4). The total area,
an indicator of isotopic niche space, showed a slight
increase in the WLP treatment (Fig. 2), although
overall differences among treatments in TA, SEA
and SEAc values were not signiﬁcant (Appendix S5,
P > 0.05 for all metrics). Overall, consumer taxa
exhibited little variation in their d15N signature across
streams and treatments, and food-web vertical structure (NR) was not signiﬁcantly different at the conclusion of the experiment (Fig. 2). Consumers had

d13C values that ranged between 35& and 17&
before the experiment and between 32& and
18& at the conclusion of the experiment, resulting
in a decrease in CR values at all treatments, although
differences were only signiﬁcant for the WD treatment (P = 0.049) (Fig. 2). Overall, the isotopic foodweb structure did not change at the conclusion of the
experiment, regardless of experimental inputs (i.e.
wood debris or leaves).

DISCUSSION
The addition of habitat and resource heterogeneity to
degraded streams promoted detritus retention and

Fig. 2. Community-wide metrics of food-web structure calculated for the three treatments: control, wood and wood + leaf
pack, before and after the experiment. CD, mean distance to centroid; CR, carbon range; NND, nearest-neighbour distance;
NR, nitrogen range; SDNND, standard deviation of nearest-neighbour distance; TA, total area. See Methods for an explanation of these metrics. Signiﬁcant differences (P < 0.05) between metrics are marked with an asterisk (*).

doi:10.1111/aec.12518
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had a positive effect on stream consumer richness,
abundance and biomass. Food webs of treated
reaches were relatively more complex (in terms of
links and species) at the conclusion of the experiment, with highest maximum food chain length in
the WD treatment and highest number of trophic
species, links and link density at the WLP treatment.
The wood and leaf additions enhanced resource
abundance, which in turn can support more diverse
food webs (Polis & Strong 1996). Wood structures in
aquatic systems have been used as a surrogate for
habitat complexity (Arrington & Winemiller 2006;
Lester et al. 2007) as they contribute to the physical
in-stream variation and promote detritus accumulation (Lepori et al. 2005; Flores et al. 2011), consequently increasing in-stream biodiversity (Lester et al.
2007). The experimental inputs were likely utilized
as a food resource by consumers as both wood debris
and leaf packs decreased in mass at the end of the
experiment. Litter breakdown can be relatively fast in
tropical streams (with litterbags weighing 25% of initial leaf mass in only 90 days, cf. Malacarne et al.
2016). Along with macroinvertebrate consumers,
microbial activity likely also contributed to the
decrease in leaf litter at the conclusion of the experiment. However, we are unable to deﬁne which group
had the greater effect on the subsequent leaf litter
decrease.
After the addition of wood structures, a variety of
taxa that were not present in the initial surveys colonized the experimental structures at these stream
reaches. For instance, the dobsonﬂies (Family Corydalidae), which are known to occur mostly in rifﬂes
of forested streams (Ceneviva-Bastos et al. 2012),
only occurred at the end of the experiment. Woodeating beetle larvae (Family Elmidae) increased in
abundance, and periphyton-feeding armoured catﬁshes (Hypostomus ancistroides and H. nigromaculatus;
Family Loricariidae) fell from the wood debris when
they were being removed (M. Ceneviva-Bastos, pers.
obs., 2014). The abundance of the omnivorous caddis Smicridea and the micro-caddis Oxyethira was
higher at the treatments as well, which suggests that
many taxa used the debris and leaf packs as food and
shelter.
Consumer abundance and biomass increased
across all treatments at the end of the experiment.
Although the distribution of aquatic insects in general
is spatially discrete, passive downstream dispersal by
drift can move 1–2% of benthic fauna (Waters 1972).
While macroinvertebrates can actively move throughout stream systems, drift is more common than
active upstream dispersal (Bilton et al. 2001), which
often occurs via ﬂight (Bilton et al. 2001; Mazzucco
et al. 2015). Thus, while we cannot disregard the
possibility that individuals moved throughout the
treatments within the streams, little is known about
© 2017 Ecological Society of Australia
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actual macroinvertebrate adult dispersal (Bohonak &
Jenkins 2003) and no information is available for
the taxa in our study, thus further discussion on
macroinvertebrate movement would be speculative.
Regardless, the magnitude of increased taxa abundance for the WLP treatment is evidence that
increased heterogeneity with wood and leaves supported more individuals at the conclusion of the
experiment as compared to the CTRL treatment.
At large spatial scales, harsh or variable environmental conditions impose strong environmental ﬁlters on the regional species pool, resulting in cooccurring taxa to exhibit high functional redundancy
(Schalk et al. 2015, 2017). Anthropogenic impacts
can cause communities to disassemble in predictable
ways, which is often explained by the traits of the
species (Lindo et al. 2012). Impacted stream communities are characterized by the presence of generalist and opportunistic species, which are tolerant to
habitat loss or degradation (Lake et al. 2007).
Indeed, most of the taxa collected across the
streams in this study are widespread and known to
endure living in physically degraded aquatic habitats
(Ceneviva-Bastos & Casatti 2014). Streams within
our study system are within the most impacted
region of S~ao Paulo State and it is possible that sensitive species are scarce and the regional species
pool is compromised. Lack of success of stream
restoration efforts on aquatic communities is widespread (Palmer et al. 2010) and the lack of source
populations in surrounding areas (0–5 km distance),
and in turn, the ability for colonization, is regarded
as one of the major causes for unsuccessful
improvement of the benthic communities (Sundermann et al. 2011). If community attributes (richness, abundance and biomass) are considered, as in
most restoration studies, we were able to improve
the aquatic communities of the treated streams with
the addition of wood debris and leaf packs. However, restoring the ‘quality’ of communities (e.g.
restoring sensitive species; Sundermann et al. 2011)
in a historically impacted region, for which there is
practically no record of sensitive species or a proper
species pool, could be a difﬁcult task. In fact, we
did not observe a signiﬁcant increase in the number
of trophic guilds in the degraded streams, as the
vast majority of consumers were classiﬁed as detritivorous or omnivorous.
Several studies in tropical streams have found that
food webs are often detritus based (Mantel et al.
2004; Motta & Uieda 2005; Ceneviva-Bastos et al.
2012; Ceneviva-Bastos & Casatti 2014) and that ﬁne
detritus (i.e. FPOM) is one of the most important
food resources for stream invertebrates (Dudgeon
et al. 2010) and even for top predatory ﬁshes (Ferreira et al. 2012; Ceneviva-Bastos & Casatti 2014).
Indeed, the minimum food chain length observed
doi:10.1111/aec.12518
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was one for all treatments, meaning that even the top
predators fed on the food-web basal resources and
exhibited a high degree of omnivory. Maximum food
chain length and number of trophic levels were
higher in the WD treatments, while the number of
trophic species, basal and top species, prey and
predators was higher at the WLP treatments.
Increased species richness and trophic complexity
were reported to occur in macrophyte-rich habitats,
with high habitat complexity (Motta & Uieda 2005).
In our study, complexity was likely promoted by the
experimental structures, which were used as habitat
and food by different organisms (directly and indirectly by promoting detritus retention). In a similar
vein, the number of links and link density were signiﬁcantly higher at both WD and WLP treatments,
which is indicative that interconnectivity increased in
food webs from the treated reaches at the conclusion
of the experiment. Increased number of trophic species, however, does not imply that the number of
possible connections will increase exponentially in
practice, especially when density-dependent foraging
and high detritivory are in place. Accordingly, connectance was relatively low for all food webs when
compared with other studies (Uieda & Motta 2007;
Hernandez & Sukhdeo 2008), with values similar to
other degraded streams in the region (CenevivaBastos & Casatti 2014).
Despite differences observed in diet-based food
webs, overall differences in the community-wide metrics of trophic structure were not signiﬁcant. The use
of these metrics has been criticized (Hoeinghaus &
Zeug 2008) when isotopic signature of the basal
sources is not considered because d13C values might
be inﬂuenced by physiochemical and other environmental characteristics across systems. In our study,
however, the use of these metrics appear appropriate,
as the main basal source consumed (FPOM) did not
vary across streams.
Isotopic ratios of FPOM were relatively enriched
across all pasture streams (dominated by C4 grasses)
and did not appear to change much among samples,
indicating adjacent pastures as its most likely origin.
Garzon-Garcia et al. (2017) found that C3 litter was
the main carbon source exported to streams of pasture-dominated basins of Australia, although headwaters in the region were relatively forested and the
study was conducted in a much larger spatial scale
(catchment) than this study (headwaters, local scale).
Delong and Thorp (2006) found that the contribution of the algal fraction of transported organic matter for most primary consumers in the Mississippi
River was more important than that of detritus,
despite the carbon ratios of algae were more depleted
than that of ﬁne detritus. Although we did not separate the possible components of FPOM (for instance,
ﬁne detritus samples contained a small fraction of
doi:10.1111/aec.12518

diatoms), diatoms and other microalgae (as Chlosterium and Cosmarium) were scarcely found in gut contents, so it is unlikely that they could be the main
source (within the organic detritus) assimilated by
consumers.
We also did not observe signiﬁcant d13C isotopic
variation in substrate FPOM among the treatments.
If the consumers in these streams fed mainly on
FPOM, both before and after the experiment, then it
is likely that their carbon signature would not change
signiﬁcantly with experimental inputs from each
treatment, regardless of the diversiﬁcation of basal
sources promoted by the wood and leaf packs. For
example, the d13C signature of shrimp (which fed on
the leaves and other resources as macroinvertebrates)
was more depleted at the treated reaches after the
experiment. However, as they were top species (i.e.
were not preyed upon) in most food webs this
resource assimilation would not be reﬂected in the
entire food web. Conversely, the d13C of baetid mayﬂies, blackﬂies, non-biting midges, micro-caddis and
snails, for example, changed very little and remained
relatively d13C-enriched after the experiment. The
abundant detritivorous taxa (especially in the treated
reaches) that colonized the debris were the main food
resources for several predators, thus resulting in
decreased carbon range at the conclusion of the
experiment.
At the community level, the range in nitrogen isotope values did not signiﬁcantly increase with
increased habitat or resource heterogeneity, although
d15N was slightly higher at the WLP treatments by
the end of the experiment. According to the productivity (Briand & Cohen 1987) and productive space
(Schoener 1989) hypotheses, higher resource availability can support longer food chains; longer food
chains can, in turn, contain more trophic levels and
thus a higher degree of trophic diversity (Layman
et al. 2007). Diet-based maximum food chain length
was higher at both WD and WLP treatments
(although signiﬁcantly higher only at the former). A
heterogeneous habitat patch that contains high
FPOM availability, for instance, could attract detritivorous species and their predators, promoting foodweb complexity. On the other hand, if most species
feed on the most abundant resource (i.e. FPOM)
and predators feed on the most abundant prey, it is
reasonable that the degree of trophic diversity estimated with stable isotopes would not change considerably. Similarly, despite the increased taxonomic
richness in the experimental treatments of this study,
trophic redundancy also increased and consumers
were more even in their trophic niches, probably
because species in these degraded streams tend to be
functionally redundant. In deforested watersheds,
large inputs of organic matter and sediment from
adjacent land into the streams are common (Sweeney
© 2017 Ecological Society of Australia
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& Newbold 2014), and the enriched carbon signal of
FPOM observed is evidence that the adjacent pasture
is the likely source.
These results indicate that increasing structural
heterogeneity with wood debris and leaf packs in
degraded streams can promote species richness,
abundance and biomass. To illustrate the relevance
of such results, only 2 of 78 stream restoration
studies observed a signiﬁcant increase in macroinvertebrate richness with experimentally increased structural heterogeneity (Palmer et al. 2010). Although it
is fundamentally important to fully restore riparian
forests, this process can take decades, while the subsequent natural addition of wood debris to these
repatriated habitats can take centuries (Parkyn et al.
2003). As our results indicate, management practices
of in-stream addition of wood debris and leaf packs
can enhance the in-stream diversity that is normally
provided by the forest, resulting in a faster recovery
of ﬁsh and macroinvertebrate richness, abundance
and biomass. The experimental additions also promoted overall food-web complexity, with more
trophic species linked by more trophic interactions
and longer food chains, characterized by high omnivory, which are food-web features that can be related
to stability. Our results showed that even in these
degraded streams, embedded in a highly deforested
watershed and far from potential colonization
sources, the aquatic communities responded to
increased complexity, which is suggestive that a simple ﬁrst-stage restoration action of adding wood debris and leaf packs has the potential to promote overall
community diversity and complexity.

ACKNOWLEDGEMENTS
We are grateful to the Fundacß~ao de Amparo a Pesquisa do Estado de S~ao Paulo (FAPESP) for funding
this research project (MCB grant number 2011/
11641-1) and to PNPD/CAPES – Biosciences Graduate Program, UNESP/Assis. We thank Marina R.
Vanderlei for helping with isotopic analysis, members
of the Ichthyology Laboratory (UNESP/S~ao Jose do
Rio Preto) for helping in with ﬁeld surveys, Reinaldo
J. F. Feres for loaning equipment and Nelson S. Bittencourt for helping with plant identiﬁcation. LC is
currently funded by CNPq (301755/2013-2).

REFERENCES
Angermeier P. L. & Karr J. R. (1984) Relationships between
woody debris and ﬁsh habitat in a small warm water
stream. Trans. Am. Fish. Soc. 113, 716–26.
Arrington D. A. & Winemiller K. O. (2006) Habitat afﬁnity,
the seasonal ﬂood pulse, and community assembly in the

© 2017 Ecological Society of Australia

917

littoral zone of a Neotropical ﬂoodplain river. J. N. Am.
Benthol. Soc. 25, 126–41.
Barrela W., Petrere . M.Jr, Smith W. S. & Montag L. F.
~es entre as matas ciliares, os rios e os
(2000) As relacßo
~o e Recuperacßa
~o (eds
peixes. In: Matas Ciliares: Conservacßa
R. R. Rodrigues & H. F. Leit~ao Filho) pp. 187–207.
EDUSP, FAPESP, S~ao Paulo.
Bilton D. T., Freeland J. R. & Okamura B. (2001) Dispersal in
freshwater invertebrates. Annu. Rev. Ecol. Syst. 32, 159–81.
Bohonak A. J. & Jenkins D. G. (2003) Ecological and
evolutionary signiﬁcance of dispersal by freshwater
invertebrates. Ecol. Lett. 6, 783–96.
Boyero L., Ramırez A., Dudgeon D. & Pearson R. G. (2009)
Are tropical streams really different? J. N. Am. Benthol.
Soc. 28, 397–403.
Briand F. & Cohen J. E. (1987) Environmental correlates of
food chain length. Science 238, 956–60.
Carvalho E. M. & Uieda V. S. (2010) Input of litter in
deforested and forested areas of a tropical headstream.
Braz. J. Biol. 70, 283–8.
Casatti L., Ferreira C. P. & Carvalho F. R. (2009) Grassdominated stream sites exhibit low ﬁsh species diversity
and dominance by guppies: an assessment of two tropical
pasture river basins. Hydrobiologia 632, 273–83.
Casatti L., Teresa F. B., Zeni J. O., Domiciano M. R., Brej~ao
G. L. & Ceneviva-Bastos M. (2015) More of the same:
high functional redundancy in stream ﬁsh assemblages
from tropical agroecosystems. Environ. Manage. 55, 1300–
14.
Ceneviva-Bastos M. & Casatti L. (2014) Shading effects on
community composition and food web structure of a
deforested pasture stream: evidences from a ﬁeld
experiment in Brazil. Limnologica 46, 9–21.
Ceneviva-Bastos M., Casatti L. & Uieda V. S. (2012) Can
seasonal differences inﬂuence food web structure on
preserved habitats? Responses from two Brazilian streams.
Comm. Ecol. 13, 243–52.
Cohen J. E., Briand F. & Newman C. M. (1990) Community
Food Webs. Springer-Verlag, Berlin.
Dala-Corte R. B., Giam X., Olden J. D., Becker F. G.,
Guimar~aes T. D. F. & Melo A. S. (2016) Revealing the
pathways by which agricultural land-use affects stream ﬁsh
communities in South Brazilian grasslands. Freshw. Biol.
61, 1921–34.
Delong M. D. & Thorp J. H. (2006) Signiﬁcance of instream
autotrophs in trophic dynamics of the Upper Mississippi
River. Oecologia 147, 76–85.
Dudgeon D., Cheung F. K. W. & Mantel S. K. (2010) Food
web structure in small streams: do we need different
models for the tropics? J. N. Am. Benthol. Soc. 29, 395–
412.
Ferreira A., de Paula F. R., Ferraz S. F. B. et al. (2012)
Riparian coverage affects diets of characids in Neotropical
streams. Ecol. Freshw. Fish 21, 12–22.
Flores L., Larra~
naga A., Dıez J. & Elosegi A. (2011)
Experimental wood addition in streams: effects on organic
matter storage and breakdown. Fresh. Biol. 56, 2156–67.
Garcia A. M., Hoeinghaus D. J., Vieira J. P. & Winemiller K.
O. (2007) Isotopic variation of ﬁshes in freshwater and
estuarine zones of a large subtropical coastal lagoon.
Estuar. Coast. Shelf Sci. 73, 399–408.
Garzon-Garcia A., Laceby J. P., Olley J. M. & Bunn S. E.
(2017) Differentiating the sources of ﬁne sediment,
organic matter and nitrogen in a subtropical Australian
catchment. Sci. Total Environ. 575, 1384–94.

doi:10.1111/aec.12518

918

M . C E N E V I V A - B A S T O S ET AL.

Gerhard P., Verdade L. M. (2016) Stream ﬁsh diversity in an
agricultural landscape of southeastern Brazil. In:
Biodiversity in Agricultural Landscapes of Southeastern Brazil
(eds C. Gehler-Costa et al. ) pp. 206–24. Berkeley
Electronic Press, Berkeley.
Hernandez A. D. & Sukhdeo M. V. (2008) Parasites alter the
topology of a stream food web across seasons. Oecologia
156, 613–24.
Hesslein R. H., Hallard K. A. & Ramlal P. (1993)
Replacement of sulfur, carbon, and nitrogen in tissue of
growing broad whiteﬁsh (Coregonus nasus) in response to a
change in diet traced by d34S, d13C, and d15N. Can. J.
Fish Aquat. Sci. 50, 2071–6.
Hoeinghaus D. J. & Zeug S. C. (2008) Can stable isotope
ratios provide for community-wide measures of tropic
structure? Comment. Ecology 89, 2353–7.
Huston M. A. (1994) Biological Diversity: The Coexistence of
Species. Cambridge University Press, Cambridge.
IPT (Instituto de Pesquisas Tecnol
ogicas do Estado de S~ao
Paulo) (2000) Diagn
ostico da situacß~ao atual dos Recursos
Hıdricos e estabelecimento de diretrizes tecnicas para a
elaboracß~ao do plano da Bacia Hidrograﬁca do S~ao Jose dos
Dourados. Relat
orio no40675. Fundo Estadual de
Recursos Hıdricos, S~ao Paulo.
Jackson A. L., Inger R., Parnell A. C. & Bearhop S. (2011)
Comparing isotopic niche widths among and within
communities: SIBER – Stable Isotope Bayesian Ellipses in
R. J. Anim. Ecol. 80, 595–602.
Jardine T. D., Curry R. A., Heard K. S. & Cunjak R. A.
(2005) High ﬁdelity: isotopic relationship between stream
invertebrates and their gut contents. J. N. Am. Benthol.
Soc. 24, 290–9.
Lake P. S., Bond N. & Reich P. (2007) Linking ecological
theory with stream restoration. Freshw. Biol. 52, 597–615.
Layman C. A., Arrington D. A., Monta~
na C. G. & Post D. M.
(2007) Can stable isotope ratios provide for communitywide measures of trophic structure? Ecology 88, 42–8.
Lepori F., Palm D. & Malmqvist B. (2005) Effects of stream
restoration on ecosystem functioning: detritus retentiveness
and decomposition. J. Appl. Ecol. 42, 228–38.
Lester R. E., Wright W. & Jones-Lennon M. (2007) Does
adding wood to agricultural streams enhance biodiversity?
An experimental approach. Mar. Freshw. Res. 58, 687–98.
Lindo Z., Whiteley J. & Gonzalez A. (2012) Traits explain
community disassembly and trophic contraction following
experimental environmental change. Glob. Change Biol. 18,
2448–57.
Lopes C. A., Benedito-Cecilio E. & Martinelli L. A. (2007)
Variability in the carbon isotope signature of Prochilodus
lineatus (Prochilodontidae, Characiformes) a bottom-feeding
ﬁsh of the Neotropical region. J. Fish Biol. 70, 1649–59.

Malacarne T. J., Baumgartner M. T., Moretto Y. & Gubiani E.
A. (2016) Effects of land use on the composition and
structure of aquatic invertebrate community and leaf
breakdown process in Neotropical streams. River Res. Appl.
32, 1958–67.
Mantel S. K., Salas M. & Dudgeon D. (2004) Food web
structure in a tropical Asian forest stream. J. N. Am.
Benthol. Soc. 23, 728–55.
Marques L. C., Ceneviva-Bastos M. & Casatti L. (2013)
Progressive recovery of a tropical deforested stream
community after a ﬂash ﬂood. Acta Limnol. Bras. 25, 111–23.
Mazzucco R., Nguyen T. V., Kim D. H., Chon T. S. &
Dieckmann U. (2015) Adaptation of aquatic insects to the
current ﬂow in streams. Ecol. Model. 309–310, 143–52.

doi:10.1111/aec.12518

Miller S. W., Budy P. & Schmidt J. C. (2010) Quantifying
macroinvertebrate
responses
to
instream
habitat
restoration: applications of meta-analysis to river
restoration. Restor. Ecol. 18, 8–19.
Monta~
na C. G., Layman C. A. & Winemiller K. O. (2015)
Species–area relationship within benthic habitat patches of
a tropical ﬂoodplain river: an experimental test. Austral
Ecol. 40, 331–6.
Moore A. A. & Palmer M. A. (2005) Invertebrate biodiversity
in agricultural and urban headwater streams: implications
for conservation and management. Ecol. Appl. 15, 1169–
77.
Motta R. L. & Uieda V. S. (2005) Food web structure in a
tropical stream ecosystem. Austral Ecol. 30, 58–73.
Nakano S. & Murakami M. (2001) Reciprocal subsidies:
dynamic interdependence between terrestrial and aquatic
food webs. Proc. Natl Acad. Sci. USA 98, 166–70.
Nalon M., Mattos I. F. A., Corr^ea-Franco G. A. D. (2008)
Meio fısico e aspectos da fragmentacß~ao da vegetacß~ao. In:
Diretrizes para a conservacßa
~o e restauracßa
~o da biodiversidade no estado de S~
ao Paulo (eds R. R. Rodrigues
et al. ) pp. 16–21. Instituto de Bot^anica/FAPESP, S~ao
Paulo.
Nimer E. (1989) Climatologia do Brasil. IBGE, Rio de Janeiro.
Ostrom P. H., Colunga-Garcia M. & Gage S. H. (1997)
Establishing pathways of energy ﬂow for insect predators
using stable isotope ratios: ﬁeld and laboratory evidence.
Oecologia 109, 108–13.
Palmer M. A., Menninger H. L. & Bernhardt E. (2010) River
restoration, habitat heterogeneity and biodiversity: a failure
of theory or practice? Freshw. Biol. 55, 205–22.
Parkyn S. M., Davies-Colley R. J., Halliday N. J., Costley K. J.
& Croker G. F. (2003) Planted riparian buffer zones in
New Zealand: do they live up to expectations? Restor. Ecol.
11, 436–47.
Parnell A. C., Inger R., Bearhop S. & Jackson A. L. (2010)
Source partitioning using stable isotopes: coping with too
much variation. PLoS One 5, e9672.
Pimm S. L., Lawton J. H. & Cohen J. E. (1991) Food
web patterns and their consequences. Nature 350, 669–
74.
Polis G. A. & Strong D. R. (1996) Food web complexity and
community dynamics. Am. Nat. 147, 813–46.
Power M. E., Tilman D., Estes J. A. et al. (1996) Challenges
in the quest for keystones. Bioscience 46, 609–20.
R Core Team (2013) R: A Language and Environment for
Statistical Computing. R Foundation for Statistical
Computing, Vienna. ISBN 3-900051-07-0.
Rodrigues R. R., Gandolﬁ S., Nave A. G. et al. (2011) Largescale ecological restoration of high-diversity tropical forests
in SE Brazil. For. Ecol. Manage. 261, 1605–13.
Scealy J. A., Mika S. J. & Boulton A. J. (2007) Aquatic
macroinvertebrate communities on wood in an Australian
lowland river: experimental assessment of the interactions
of habitat, substrate complexity and retained organic
matter. Mar. Fresh. Res. 58, 153–65.
Schalk C. M., Montana C. G. & Springer L. (2015)
Morphological diversity and community organization of
desert anurans. J. Arid Environ. 122, 132–40.
Schalk C. M., Monta~
na C. G., Winemiller K. O. & Fitzgerald
L. A. (2017) Trophic plasticity, environmental gradients,
and food-web structure of tropical pond communities.
Freshw. Biol. 62, 519–29.
Schneider K. N. & Winemiller K. O. (2008) Structural
complexity of wood debris patches inﬂuences ﬁsh and

© 2017 Ecological Society of Australia

FOOD-WEB RESPONSES TO STRUCTURAL COMPLEXITY

macroinvertebrate species richness in a temperate
ﬂoodplain-river system. Hydrobiologia 610, 235–44.
Schoener T. W. (1989) Food webs from the small to the large.
Ecology 70, 1559–89.
Silva A. M., Casatti L., lvares C. A. A., Leite A. M., Martinelli
L. A. & Durrant S. F. (2007) Soil loss and habitat quality
in streams of a meso-scale river basin. Sci. Agric. 64, 336–
43.
Sundermann A., Stoll S. & Haase P. (2011) River restoration
success depends on the species pool of the immediate
surroundings. Ecol. Appl. 21, 1962–71.
Sweeney B. W. & Newbold D. (2014) Streamside forest buffer
width needed to protect stream water quality, habitat, and
organisms: a literature review. J. Am. Water Resour. Assoc.
50, 560–84.
Sweeney B. W., Bott T. L., Jackson J. K. et al. (2004) Riparian
deforestation, stream narrowing, and loss of stream
ecosystem services. Proc. Natl Acad. Sci. USA 101, 14132–
7.
Sweeting C. J., Polunin N. V. C. & Jennings S. (2004) Tissue
and ﬁxative dependent shifts of d13C and d15N in
preserved ecological material. Rapid Commun. Mass
Spectrom. 18, 2587–92.
Syv€aranta J., Vesala S., Rask M., Ruuhij€arvi J. & Jones R. I.
(2008) Evaluating the utility of stable isotope analyses of
archived freshwater sample materials. Hydrobiologia 600,
121–30.
Uieda V. S. & Motta R. L. (2007) Trophic organization and
food web structure of south- eastern Brazilian streams, a
review. Acta Limnol. Bras. 19, 15–30.
Vander Zanden M. J., Clayton M. K., Moody E. K., Solomon
C. T. & Weidel B. C. (2015) Stable isotope turnover and
half-life in animal tissues: a literature synthesis. PLoS One
10, e0116182.
Waters T. F. (1972) The drift of stream insects. Ann. Rev.
Entomol. 17, 253–72.
Willis S. C., Winemiller K. O. & Lopez-Fernandez H. (2005)
Habitat structural complexity and morphological diversity
of ﬁsh assemblages in a Neotropical ﬂoodplain river.
Oecologia 142, 284–95.
Winemiller K. O. (2007) Interplay between scale, resolution,
life history and food web properties. In: From Energetics to

© 2017 Ecological Society of Australia

919

Ecosystems: The Dynamics and Structure of Ecological Systems
(eds N. Rooney et al. ) pp. 101–26. Springer Netherlands,
Dordrecht.
Zuanon J. A. S., Pezzato A. C., Pezzato L. E., Passos J. R. S.,
Barros M. M. & Ducatti C. (2006) Muscle d 13 C change
in Nile tilapia (Oreochromis niloticus): effects of growth and
carbon turnover. Comp. Biochem. Phys. B 145, 101–7.

SUPPORTING INFORMATION
Additional Supporting Information may be found in
the online version of this article at the publisher’s
web-site:
Appendix S1. General overview of the three stream
reaches (Stream 1 = S1, Stream 2 = S2 and Stream
3 = S3) sampled before the experiment (left panel)
and 3 months after the experiment (middle and right
panels).
Appendix S2. List of primary producers (qualitative
data) and consumer taxa (quantitative data) sampled
in the three stream treatments before and after the
experiment.
Appendix S3. Average d13C and d15N values of the
main basal sources collected at the three streams
(namely S1, S2 and S3), across the three treatments,
before (B) and after (A) the experiment.
Appendix S4. Bi-plots of carbon and nitrogen values
of macroinvertebrates, ﬁsh and basal sources collected at the three treatments (CTRL = control;
WD = wood debris; WLP = wood debris + leaf
packs) of each stream (S1, S2 and S3) before (white
markers) and after (dark markers) the experiment.
Appendix S5. Isotopic niche metrics represented by
standard ellipses area for communities sampled in
the three treatments before and after the experiment.
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